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Abstract: Trace elements can have a wide variety of effects on microbial populations and their
function in the aquatic environment. However, specific impacts on chemical and biological processes
are often difficult to unravel, due to the wide variety of chemical species involved and interactions
between different elemental cycles. A replicated mesocosm experiment was used to test the effect of
increasing copper concentrations, i.e., from 6 mg kg−1 to 30 and 120 mg kg−1, on nitrogen cycling
in a freshwater sediment under laboratory conditions. Nitrous oxide emissions from the treated
sediments were measured over three consecutive 24 h periods. This was followed by measurements
of iron, manganese, copper and mineral nitrogen species (nitrate and ammonium) mobilisation in
the sediments using the diffusive gradients in thin films (DGT) and diffusive equilibria in thin films
(DET) techniques and sequential extractions. Increasing copper concentrations are shown to have
resulted in significantly reduced nitrate formation near the sediment–water interface and increased
nitrous oxide emissions from the sediment overall. The concomitant mobilisation and sequestration
of iron with ammonium in the sediment with the highest Cu treatment strongly imply links between
the biogeochemical cycles of the two elements. Modest Cu contamination was shown to affect the
nitrogen cycle in the tested freshwater sediment, which suggests that even relatively small loads of
the metal in fresh watercourses can exert an influence on nutrient loads and greenhouse gas emissions
from these environments.

Keywords: diffusive gradients in thin films; copper speciation; trace elements; nitrate; ammonium;
nitrous oxide

1. Introduction

The rapidly increasing global population and the associated growth of urban centres
and pollution of the environment are profoundly altering freshwater ecosystems [1,2].
Runoff from urban and farming landscapes can serve as sources of trace element contami-
nants in freshwater sediments, where they associate strongly with particulate matter and
accumulate over time [3,4]. In sediments, these elements can be found associated with a
wide spectrum of dynamic chemical species, where local biogeochemical cycles control their
solubility and, thus, the subsequent effects on localised biological processes and release
into aquatic food chains on a broader [5,6].

Nitrogen (N) is a critical nutrient for life on Earth, because it plays a critical role in
the formation of biomolecules, such as proteins and nucleic acids. In most environments,
N exerts a strong limitation on plant growth [7], so N fertilisers are used intensively in
agriculture to satisfy crop demand and maintain productivity [8]. The intensification
of agriculture has required greater amounts of N fertiliser use, but the undesired side
effect of this has been the increased loading of N into freshwater ecosystems, where it
can be found in various organic and inorganic chemical species [9]. The prevailing forms
of these diverse nitrogen species, and the conversion between them, are determined by
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an assortment of chemical and biological processes [10]. Freshwater sediments are a
particularly important reservoir of N and the site for highly dynamic biogeochemical cycles
across redox gradients [11]. Microorganisms involved in the biogeochemical cycling of N
are vulnerable to changes in environmental conditions and pollution [12,13]. The effects
of trace elements on the biochemical cycling of N in land (in soils) and aquatic systems
(e.g., river sediments) were first identified more than 40 years ago [14]. Subsequently
identified negative impacts have included nutrient accumulation and eutrophication, as
well as increased emissions of greenhouse gases (such as nitrous oxide, N2O) [15–17].

The accumulation and bioavailability of copper (Cu) in ecosystems are of particular
interest due to its dual role as an essential micronutrient in low concentrations and a toxic
agent at higher concentrations [18,19]. In some agricultural landscapes, the presence of
Cu in soil amendments can help prevent deficiencies, while elsewhere it is used in high
concentrations to control plant pathogens [20]. In New Zealand, anthropogenic sources of
Cu in agricultural soils include fungicide use in vineyards and orchards, farm effluent and
as fertiliser for deficient soils [21,22]. Upon entering soils, Cu forms strong associations
with soil particles; however, it is easily lost to neighbouring watercourses through erosion
via surface runoff [23,24]. While in urban environments, stormwater discharge can also
increase Cu loadings in local watercourses [25].

Upper limits and guideline values for total Cu concentrations in sediments are often
used to protect aquatic ecosystems. Australia and New Zealand use a default guideline
value and an upper guideline value of 65 and 270 mg kg−1, respectively, for this purpose [26].
However, such values are only generally useful for indicating the potential for harm to
local ecosystems. The use of pseudo-total extractable metal concentrations for estimating
impacts on vulnerable organisms is controversial [27]. Previous studies have identified that
Cu concentrations below the aforementioned ANZECC default guideline value can affect
microbial population composition and N cycling in soils and river sediments [28–31].

Many of the aforementioned studies on the effects of Cu on N-cycling microorgan-
isms have been carried out in laboratory incubations, where the delicate sediment redox
gradients are disrupted, which limits their applicability to in situ environments. This is
particularly challenging for investigating the effects of copper on N cycling in sediments,
where different biogeochemical processes often exist in distinct strata [32,33]. On the other
hand, while replicated outdoor mesocosms with spiked metal concentrations can overcome
some of the limitations associated with laboratory-based tests and improve the represen-
tation of natural conditions, they are expensive to establish and maintain, and deliberate
contamination of river sediments can arguably attract negative publicity, especially when
cultural values are associated with the purity of water resources [34]. Laboratory-based
mesocosms can help bridge the gap between incubation and outdoor mesocosm stud-
ies while isolating the spiked sediments and exercising careful control over important
environmental conditions that drive biogeochemical cycles in sediments.

This research aimed to test the effects of increasing Cu loading on the dynamics of
nitrogen species in a freshwater sediment. To achieve this aim, freshwater sediment was
collected from a lowland stream in the Canterbury region of New Zealand and spiked with
Cu to increase its concentrations by factors of 5 and 20. The sediments were then deployed
into replicated sediment mesocosms with a circulating water layer and left to equilibrate for
seven weeks. The concentrations of key nitrogen species were measured in the overlying
water and headspace at key stages, and the mobilisation of trace elements and N species at
different depths of sediment was examined.

2. Materials and Methods
2.1. Sediment and Water Sampling

River sediment and water were collected from the LII/Te Ararira river in the Lincoln
township in the Canterbury region of New Zealand, on 3 June 2020. The sampling site
(43◦38′48.03′′ S, 172◦29′49.55′′ E) was located approximately 50 m downstream from a
groundwater fed-spring. The land use in and around the catchment is predominantly
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farming with increasing urbanisation. Regular monitoring of the river water quality by the
local authority approximately 4.5 km downstream from the sediment sampling location
(Environment Canterbury, monitoring location: 43◦41′42.08′′ S, 172◦27′1.16′′ E) reported the
five-year median concentration of total N in the river as 3.55 mg L−1 (253.3 µmol L−1) [35].
The sediment was sampled using plastic spades, targeting the top 0–30 cm of the sedi-
ment. The sampled sediment was sieved using a nylon sieve (2 mm mesh) to remove
large particulate matter and invertebrates. Subsets of sediment and filtered water sam-
ples were submitted for analysis to establish their physical and chemical characteristics
(Tables 1 and S1). River water (60 L) was also collected for later use.

Table 1. Physical and chemical sediment characteristics. The values show averages (±standard
deviation; n = 3). Different letters indicate a significant difference between treatments (p < 0.05).

Sediment Treatment *
Tc T5 T20

Moisture (%) 40 ± 0 - -
Organic matter (%) 1.61 ± 0.39 - -

Total carbon (%) 0.93 ± 0.22 - -
Total nitrogen (%) 0.41 ± 0.01 - -

P (mg kg−1) 475.58 ± 9.10 - -
S (mg kg−1) 349.18 ± 26.18 - -

Exchangeable pH 6.67 ± 0.02 a 6.43 ± 0.13 a 6.57 ± 0.16 a

Cu (mg kg−1) 6.22 ± 0.26 c 33.14 ± 1.35 b 119.66 ± 1.40 a

Fe (mg kg−1) 13 235 ± 345 a 13 261 ± 41 a 13 169 ± 85 a

Mn (mg kg−1) 153.17 ± 1.28 a 151.18 ± 0.17 a 148 ± 3.19 a

* Tc, T5 and T20 refer to the amount of Cu added to the sediment, where the subscript shows the factor by which
the Cu concentration was increased from the original concentration in Tc. Total organic matter, C, N, P and S were
only analysed in unspiked (Tc) sediment.

2.1.1. Sediment Characterisation

Subsamples of the sieved sediment were air-dried for characterisation. Total C and
N were analysed using a Vario-Max CN analyser (Elementar®, Langenselbold, Germany).
Sediment organic matter content was determined by measuring the loss of weight from an
oven-dried sample (105 ◦C for 24 h) after 4 h at 550 ◦C. Sediment samples were prepared
for analysis of pseudo-total concentrations of Cu, P, S, Fe and Mn using microwave-assisted
digestion of 0.5 g of air-dried sediment in a mixture of 3 mL 65% nitric acid and 3 mL 30%
hydrogen peroxide, as reported by Simmler et al. [36].

2.1.2. Sediment Treatment

The bulk of the collected sediment was divided into three parts, of which two were
spiked with solutions of Cu (as CuCl2·2H2O, Scharlab, AR Grade) to increase the sed-
iment concentrations to 5 and 20 times the initial sediment concentration (30 mg kg−1

and 120 mg kg−1, respectively). Forthwith, these treatments are referred to as T5 and T20,
respectively. The third part received the equivalent amount of high-purity water (18.2 MΩ
resistivity; Heal Force® SMART Series Ultra-pure water system, Model-PWUV) only. Forth-
with, this control treatment will be referred to as Tc. The sediments were then thoroughly
mixed and left to equilibrate initially for 2 days in the dark, under a layer of water that was
allowed to equilibrate with the overlying air. At the end of the initial equilibration, three
sediment subsamples from each treatment were collected and air-dried. Exchangeable pH
was determined in the dried samples by resuspending in a 1:2.5 (wt:wt) slurry with high-
purity water and measuring a calibrated pH meter, and total extractable Cu concentrations
were measured as before (see Section 2.1.1).

2.2. The Mesocosm Experiment

After the initial equilibration, the sediments were deployed into cylindrical, transpar-
ent PVC mesocosms (internal diameter 11.0 cm, height 35.0 cm) up to a height of 25.0 cm in
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2.5 cm incremental stages to ensure constant density (0.8 g cm−3) and porosity (0.7) through-
out (Figure 1). All sides of the mesocosms were covered to ensure dark conditions. Nine
mesocosms were set up in this way, with each Cu treatment (Tc, T5, T20) replicated thrice.
Multi-nozzle arrays of water inlets and outlets were placed 1 cm above the sediment–water
interface (SWI) at opposite ends of each mesocosm to establish a laminar flow field of river
water over the SWI with an approximate velocity of 1 cm s−1 while maintaining a constant
5 cm layer of water above the SWI. The water for each set of treatment replicates was
circulated via their own 20 L reservoir of aerated river water to help buffer any changes in
solute concentrations during the experiment.
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The mesocosms were then left for approximately seven weeks to allow steady-state
redox gradients to be established in the sediments. Throughout the equilibration period,
any invertebrates observed in the sediment were removed manually. In the 10 days leading
up to the main part of the experiment (Section 2.4), there was no evidence of invertebrate
activity (e.g., burrows or casts on the SWI or deeper in the sediment).

2.3. Physical and Chemical Characteristics of the Circulating Water

During the seven-week equilibration period, NO3-N and NH4-N concentrations in
the circulating water were measured on weekdays at the mesocosm water outlet (Figure 1).
These results were used to inform the amounts of NaNO3 and NH4Cl that needed to be
added to each set of mesocosms to maintain concentrations at the natural river water levels.
The amounts applied over the final 10-day period in the treatments were used to estimate N
fluxes across the SWI. Water pH, dissolved oxygen content, conductivity and temperature
were also measured over 10 days preceding the deployments, using a calibrated multimeter
(Hach HQ40D, Hach Pacific, Auckland, New Zealand). Before the start of the DGT and
DET deployments, additional water samples were collected, filtered (0.45 µm pore size)
and acidified for Cu analysis (see below).
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2.4. Nitrous Oxide Sampling

At the end of the final equilibration period, the top of the mesocosm and the water
circulation system were sealed for 24 h, leaving a 5 cm layer of water and a 10 cm headspace
in the mesocosm. The N2O concentration in the overlying water column and the aerated
water in the reservoir were then analysed, using the protocol described by Clough et al. [37].
Briefly, triplicate water samples from each mesocosm and the three reservoirs were collected
using 100 mL sterile syringes deployed through an airtight septum in the mesocosm lid
and purged into 100 mL evacuated serum bottles at atmospheric pressure. These were then
purged with 80 cc N2 gas and left to equilibrate on a shaker for 1 h. The N2O concentration
in each serum bottle headspace was then measured using gas chromatography, as described
by Clough et al. [38]. The N2O concentration in the water column was used to estimate
its concentration in the mesocosm headspace, assuming that the dissolved gas was at
equilibrium with the headspace. The difference between the background (aerated water)
and the total amount of gas in the headspace and water column was used to calculate the
total release from each sediment over the 24 h period. These measurements were repeated
over two further consecutive 24 h periods, where each mesocosm was unsealed and water
was circulated for 24 h between each measurement. Finally, the water circulation was
returned to normal for 48 h before the DGT and DET deployments.

2.5. DGT and DET Preparation and Measurements

Diffusive gradients in thin films (DGT) and diffusive equilibria in thin films (DET)
sediment probes were used to measure the mobilisation of potentially bioavailable solute
and solute porewater concentrations, respectively, in the sediments at 1 cm depth intervals
below the SWI. The DGT technique works by introducing a well-defined sink for solute
into the sediment in the form of an ion-binding resin embedded in a hydrogel. The strong
binding of ions induces a diffusive flux of solute from the sediment. If the porewater
concentration of the ion becomes depleted in the adjacent porewater, solute from elsewhere
in the sediment diffuses towards the probe; this in turn can drive desorption of ions
from labile solid-phase pools in the sediment. The total flux of solute into the resin gel is
therefore representative of the sediment’s capacity to supply solute to the probe over the
deployment time [39] and can be used to estimate a time-averaged concentration at the
DGT–probe interface. The DET technique simply introduces a thin layer of hydrogel into
the sediment, which equilibrates with solute in the neighbouring porewater. At the end of
the deployment, the solute is eluted into a receiving solution that is then analysed to reveal
the dissolved concentrations in the porewater.

DGT probes for measuring N species and trace metals were prepared as described
previously [40,41]. Briefly, an AMI-7001 anion-exchange membrane and a CMI 7000 cation-
exchange membrane were used to bind nitrate (NO3

−) and ammonium (NH4
+) ions in the

DGT-binding layers, respectively (both supplied by Membranes International Inc., Ring-
wood, NJ, USA). The DGT probes for Cu, Fe and Mn measurements used Chelex-100 resin
beads (200–400 mesh, Bio-Rad, Auckland, New Zealand) embedded in a polyacrylamide
gel as the binding layer. A 0.094 cm thick material diffusion layer, comprising of a 0.08 cm
thick polyacrylamide hydrogel diffusion layer and a 0.014 cm thick polyethersulfone filter
membrane (0.45 µm pore size), was used to regulate the fluxes of solute into the binding
layers. The DET probes comprised a filter membrane (0.45 µm pore size, polyethersulfone)
overlying a 0.12 cm thick material diffusion layer made from ultrapure agarose (molecular
grade, Bioline reagent, UK) [42]. The DGT and DET probes were assembled within protec-
tive pre-cleaned polycarbonate housings designed for sediment deployments, supplied by
DGT Research Ltd. (Lancaster, UK). These housings feature a top retaining plate that holds
the gels and filter flat against the backing plate, which has a 1.8 × 20 cm sampling window
that allows solute to diffuse from the sediment through the filter and into the hydrogel
layer(s) inside the housing.

Before deployment, the assembled probes were deoxygenated in two separate, sealed,
high-purity 0.01 M NaCl baths by bubbling N2 gas through the water overnight, after which
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they were deployed immediately into the sediment mesocosms within a pre-designated
“area of deployment” at the centre of the laminar water flow field (Figure 1). The probes
were placed in a staggered formation, facing into the centre of the laminar flow field with
at least ca. 4 cm between each probe sampling window and any surface. They were aligned
parallel to the direction of water flow to minimise disturbance to the sediment diffusive
boundary layer.

The DET probes were deployed at the same time as the DGT probes. After 7 h the
DET probes were gently removed to avoid disturbing the DGT probes and promptly rinsed
with a gentle jet of deionised water. The agarose diffusive layer was cut out from within
the probe window and cut into ten 1.0 cm sections (final dimensions 1.8 cm × 1.0 cm).
The sections were transferred into centrifuge vials containing 5 mL of high-purity water
and left on a rocker overnight. The gels were then removed, and the vials were stored at
−20 ◦C before analysis for NO3-N and NH4-N concentrations (CDET-NO3 and CDET-NH4,
respectively).

The DGT probes were deployed for 24 h, after which the probes were removed from
the sediment, rinsed gently with a jet of high-purity water and disassembled in a Class-100
laminar flow cabinet. The binding layers were then carefully sliced into ten 1.0 cm sections
using PTFE-coated razor blades. The AMI-7001 anion exchange membrane and CMI 7000
cation exchange membrane sections were eluted in 10 mL of 2 M NaCl solution for >24 h
after which the membranes were removed, and the eluent was analysed for NO3-N and
NH4-N (see below). The Chelex-100 binding layers were eluted in 1 mL of 1 M HNO3 for
24 h, after which the eluent was analysed for Cu, Fe and Mn (see below).

The eluent concentrations were used to calculate the total mass of a given solute (Cu,
Fe, Mn, NO3-N, NH4-N) bound by a given section of the resin gel (M), using Equation (1).

M =
Ce ×

(
Va + Vgel

)
fe

(1)

where Ce (µg L−1) is the concentration of solute in the eluent, Va (mL) is the volume of the
eluent, Vg (mL) is the volume of the binding layer section and ƒe is the elution factor. The
elution factors for NO3

− and NH4
+ were 0.87 and 1, respectively [43], and 0.8 for Cu, Fe

and Mn [44].
The mass of the solute bound was then used to calculate the average concentration of the

given analyte at the DGT probe–sediment interface that was in contact with a 1.8 × 1.0 cm
section of the sediment throughout the deployment, CDGT, using Equation (2) [39].

CDGT−[solute] =
M× δMDL

Dg × AP × t
(2)

where δMDL is the thickness of the material diffusion layer (0.094 cm), AP is the phys-
ical surface area of sampled gel section (1.8 cm2), t is the deployment time and Dg is
the temperature-specific diffusion coefficient of the solute in question in the hydrogel.
Forthwith, CDGT-Cu, CDGT-Fe, CDGT-Mn, CDGT-NO3 and CDGT-NH4 will be used to refer to the
DGT-determined concentrations of Cu, Fe, Mn, NO3-N and NH4-N, respectively.

The DGT probe continuously extracts solute from the porewater, and often sediments
are unable to supply solute to the probe interface where the depletion is most intense. There-
fore, the average concentration at the probe interface (CDGT) is often lower than the porewa-
ter concentration in the bulk sediment [40,45]. The ratio of DGT-measured solute concen-
tration to concentration of solute in the porewater, R (here we use CDGT-[solute]/CDET-[solute])
has been used to describe the supply regime of solute to DGT [39]. Values of R < 0.2 are
indicative of diffusive-only supply, while values between 0.2 and 1.0 imply the resupply of
solute to the DGT probe interface through production and desorption from solid phases [45].
Here, we consider extremely low values (<0.05) to be indicative of active consumption of
solute, while values > 0.2 suggest the resupply of solute to the porewater at the DGT probe
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interface through active production or desorption from the solid phase during the DGT
deployment.

2.6. Trace Element Solid-Phase Speciation

After the DGT probes were harvested, a 9.0 cm deep sediment core (ø 3.0 cm) was
collected from the centre of each mesocosm using a pre-cleaned cylindrical polypropylene
corer. Upon retrieval, the top and bottom of the corers were immediately sealed off using
clean plastic membranes and the cores were placed into storage at −20 ◦C for up to 5 days
before processing and analysis. The thawed sediment cores were promptly extruded from
of the corer in 1 cm sections within an oxygen-free glove box that had been purged with N2
in advance. The lowest section (8–9 cm below the SWI) from each core was excluded due
to likely oxygen contamination as part of the sampling process that could not be avoided.
The remaining sections underwent the sequential extraction procedure established by
Tessier et al. [46] to measure Cu in the (i) exchangeable, (ii) carbonate-bound, (iii) Fe- and
Mn-oxide-bound, (iv) organic matter-bound and the (v) residual fractions. Extraction steps
(i) and (ii) were carried out for all depth intervals under anoxic conditions (Supporting
Information, Section S1). Extraction steps (iii)–(v) were carried out outside the glove box,
due to limited space. The extracts for the exchangeable fraction (i) from all depth intervals
from all nine mesocosms were analysed for Cu, Fe and Mn (see Section 2.7); however, the
extracts for (ii)–(v) from only the depth intervals 0–1, 1–2 and 2–3 cm were analysed for Cu.
The overall partitioning of Cu in the sediments in the fractions (i)–(v), between 0 and 7 cm
below the SWI, was measured by analysing composite samples of extracts from all depth
intervals (Section 2.7).

2.7. Trace Element and Nutrient Analyses, and Quality Assurance

All elemental and gas analyses were carried out by the Analytical Services department
of Lincoln University, following standard Quality Assurance procedures. These procedures
include participation in the SoilChek and Waterchek inter-laboratory programmes adminis-
tered through Global Proficiency Ltd. (https://www.global-proficiency.com/enviro-and-
ag, accessed on 23 April 2023). Copper, Fe and Mn in the water samples, extracts and eluents
were analysed using ICP OES (720 series, Agilent, Santa Clara, CA, USA), while the N2O
was measured using gas chromatography (SRI 8610C ECD detector gas chromatograph,
SRI Instruments, Torrance, CA, USA). All dissolved mineral N analyses were carried out
using a flow injection analyser (Alphachem 2-channel FIA, 3000 series, Lachat Instruments,
Milwaukee, Brookfield, WI, USA). Repeat analyses of blank gel strips (n = 7) were used to
determine the DGT method detection limits, expressed as CDGT values for a 24 h deploy-
ment at 25 °C using the same probe configuration as here: CDGT-Cu (0.15 µg L−1), CDGT-Fe
(3.4 µg L−1), CDGT-Mn (0.23 µg L−1), CDGT-NO3 (12.4 µg L−1) and CDGT-NH4 (3.4 µg L−1).
Repeat analyses of blank gel strips (n = 5) were also used to determine the DET method
detection limits as 959 µg L−1 and 1415 µg L−1 for CDET-NO3 and CDET-NH4, respectively.

Standard reference material, sample blanks, solution blanks and method blanks were
treated identically to the samples. The accuracy of the sediment trace element digestion
(Cu, Fe and Mn) and subsequent analysis was confirmed with a certified reference material
(Montana 2710, NIST® SRM®, Gaithersburg, MD, USA), where recovery rates of the three
analytes were within 10% of reported values. High-purity water (ASTM Type I water,
resistivity 18.2 MΩ cm−1) was used for preparing all reagents and for general rinsing
and washing purposes throughout. All materials used for trace element analysis were
acid-washed sequentially in 10% HCl and 10% HNO3 (Fisher Scientific, Loughborough,
UK) baths and stored in polythene bags. Materials for nutrient DGT and DET preparations
were acid-washed in separate 10% HCl baths and degassed in separate containers to avoid
cross-contamination.

https://www.global-proficiency.com/enviro-and-ag
https://www.global-proficiency.com/enviro-and-ag
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2.8. Statistical Analyses

The data sets were tested for normality using Shapiro–Wilks’ test and log-transformed
where necessary (exchangeable Cu fractions only). Levene’s test was used to confirm the
homogeneity of variance. The data were then subject to one-way analysis of variance
(ANOVA) to test for differences between treatments. All tests were carried out using
Minitab (v. 20.2, ©Minitab LLC.), and significance was assumed at the 5% level, unless
stated otherwise.

3. Results
3.1. Water and Sediment Physical and Chemical Characteristics

In the 10 days before the N2O measurement, the water pH (ca. 7.7), dissolved oxygen
(DO) saturation (>95.9 %), conductivity (254–274 µS cm−1) and temperature of the water
(ca. 25 ◦C) circulating out of the mesocosms had stabilised, and the differences between their
ten-day means across treatments were not significant (Table S1). Copper concentrations in
water circulating out of the mesocosms were only slightly higher (2.82 µg L−1) in the T20
mesocosms than in the other treatments. Dissolved Fe concentrations were below the MDL,
and Mn concentrations were lower in the T5 and T20 mesocosms (Table S1).

The measurable dissolved mineral N present in the circulating water consisted mainly
of NO3-N. Immediately following the mesocosm establishment, the NO3-N concentrations
in the emerging water from the mesocosms were around 40% of the natural river water
levels (3.74 mg L−1) and then subsequently increased as the sediments equilibrated, settling
after 5 days. In the 10 days before the end of the equilibration period, the mean concen-
trations of NO3-N emerging from the mesocosms in the three treatments ranged between
3.33 and 3.52 mg L−1 without significant differences between treatments (Table S1). The
estimated average loss rate of NO3-N from the circulating water in all the mesocosms
during the 10 days preceding the main experiments was 610.57 µg m−2 day−1 (standard
deviation, S.D. ± 499.31 µg m−2 day−1), and the differences between the treatments were
not significant.

The mean pseudo-total Cu concentration in the river sediment (Tc) was 6.22 mg kg−1,
and the measured mean concentrations in the two spike treatments, T5 and T20, were
within 7% of the intended amounts (Table 1). The majority (>91%) of the Cu present in
the solid phase within the 0–8 cm depth interval across all treatments was found in the
organic and residual fractions. The proportion in the organic matter fraction decreased
from 78% to 69% with increasing total Cu in the sediment. The opposite trend was seen
in the proportion of total Cu found in the residual fraction, which increased from 21% to
29% between treatments Tc and T20, respectively (Figure S1). The mean extractable pHs of
the spiked sediments were 0.10–0.24 pH units lower than the control (6.67 ± 0.02), but the
differences between treatments were not significant (Table 1).

3.2. Trace Element Concentration Depth Profiles

The DGT-measured Cu concentrations were generally higher near the SWI (0–1 cm
interval), with CDGT-Cu increasing with the increasing Cu spikes, although the differences
were not significant (Figure 2a). The CDGT-Cu concentrations below 3 cm depth were close
to or below the DGT detection limit (0.15 µg/L) in the TC and T5 treatments. The CDGT-Cu
in the T20 treatment was significantly higher than the other two at 2–3 cm and 5–7 cm below
the SWI.
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Figure 2. DGT-measured depth profiles for (a) Cu, (b) Fe and (c) Mn at 1 cm intervals below the
sediment–water interface (SWI) in the three treatments, Tc (black solid line with •), T5 (dashed line
with #) and T20 (dashed line with H). The points show the average concentration across the (y-axis)
depth interval ± 0.5 cm above and below the point. The error bars show standard error (n = 3). The
number of asterisks indicates level of significance at each depth interval: * p < 0.05, ** p < 0.01, or
*** p < 0.001; not significant is shown as NS (p > 0.05).

Iron mobilisation in all treatments increased with depth until 3 cm below the SWI,
where the CDGT-Fe in the T20 treatment peaked at 11,430 µg L−1 and then decreased with
depth (Figure 2b). The minimum CDGT-Fe (<3.4 µg L−1) in this treatment was reached 7 cm
below the SWI, where it was significantly lower than in the other treatments (p < 0.001). The
CDGT-Fe profile in the T5 treatment was similar to the T20 treatment, with the exception that
the maximum Fe mobilisation in the former was observed deeper (7 cm depth), where the
CDGT-Fe was 72% of the maximum in the T20 treatment and 45% higher than the maximum
CDGT-Fe in the unspiked sediment. In both Tc and T5 treatments, CDGT-Fe decreased with
depth below 7 cm, but more rapidly in the latter. The differences in CDGT-Fe between
Cu treatments were significant mostly across the 0–4 cm depth range (p < 0.01), with
progressively more Fe mobilised with increasing Cu treatment.

The depth profiles of CDGT-Mn generally mirrored those of CDGT-Fe in the Tc and T5
treatments. CDGT-Mn concentrations increased approximately two-fold between depths of
0 and 7 cm, then subsequently decreased below this depth (Figure 2c). This pattern was
reversed in the T20 treatment, where the CDGT-Mn was significantly higher at the SWI than
in the other treatments, and then decreased to around a quarter of its SWI concentration at
7 cm, where it was lower than in the other treatments (p < 0.001).

The exchangeable Cu fraction was <1% of the total across all treatments (Figure S1).
However, the mean concentration of Cu in this fraction ranged between 2.2 and 359.6 µg kg−1

and increased exponentially with increasing Cu spike concentration, but with little vari-
ability across different depths (Figure 3a). Exchangeable Fe varied with depth in all
treatments, with lower concentrations (<15 mg kg−1) in the top 3 cm and then increas-
ing to 32–53 mg kg−1 below that (Figure 3b). Exchangeable Mn in the Tc treatment in-
creased approximately three-fold from 0.43 mg kg−1 between 0 and 6 cm below the SWI,
while the concentrations in the spiked treatments stayed relatively constant with depth
(1.11–1.50 mg kg−1) (Figure 3c).
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Figure 3. Exchangeable concentrations of Cu (ExCu; a), Fe (ExFe; b) and Mn (ExMn; c) in the exchange-
able fractions at 1 cm intervals below the SWI in the three treatments, Tc (black solid line with •),
T5 (dashed line with #) and T20 (dashed line with H). The points show the average concentration
across the (y-axis) depth interval ± 0.5 cm above and below the point. The error bars show standard
error at each depth (n = 3). The number of asterisks indicates level of significance at each depth
interval: * p < 0.05, ** p < 0.01, *** p < 0.001; not significant is shown as NS (p > 0.05). NB: Fe and Mn
concentrations are ca. 100 and 2–3 times higher, respectively, than the highest Cu concentrations.

Most Cu in the top 3 cm of the sediments was found in the organic matter fraction
(between 64 and 88% of the total Cu) in the three treatments (Figure S2). The proportion of
Cu in that fraction decreased with increasing Cu content in the sediment. The copper in the
residual fraction (11–27%) was the next most abundant species and its proportion generally
increased with increasing Cu content (Figure S2).

3.3. Nitrogen Species in the Sediment and the Mesocosm Headspace

The mean CDET-NH4 concentrations in the Tc treatment were highest immediately
below SWI (2.39 ± 0.06 mg L−1). Between 4 and 7 cm below the SWI, the concentrations
increased gradually with depth from 1.52 mg L−1 to 1.87 mg L−1 (Figure S3). All other
CDET-NH4 and CDET-NO3 concentrations were below their respective MDLs throughout the
depth profiles in the three treatments (not shown).

The mean CDGT-NH4 concentrations were generally highest (85.5–104.6 µg L−1) in the
top 1 cm of the sediment and without significant differences between treatments (Figure 4a).
The CDGT-NH4 decreased with depth to 19.9 µg L−1 by 3 cm below the SWI, while in the
T5 and T20 treatments, CDGT-NH4 remained relatively constant down to 3 and 5 cm below
the SWI, respectively, and then rapidly decreased to their respective minima by 4 and 7 cm
below the SWI. Below these minima, the CDGT-NH4 then increased linearly with depth,
where the concentration was significantly higher in the Tc sediment than in the other two
sediments. The R-index in the Tc treatment ranged between 0.03 and 0.04 across the depth
profile, which suggests the net consumption of NH4

+ in the Tc sediments.
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Figure 4. DGT-measured depth profiles for (a) NO3-N and (b) NH4-N at 1 cm intervals below the
sediment–water interface (SWI) in the three Cu treatments, Tc (black solid line with •), T5 (dashed
line with #) and T20 (dashed line with H). The points show the average concentration across the
(y-axis) depth interval± 0.5 cm above and below the point. The error bars show standard error (n = 3).
The number of asterisks indicates level of significance at each depth interval: * p < 0.05, ** p < 0.01,
*** p < 0.001; not significant is shown as NS (p > 0.05).

The highest CDGT-NO3 concentrations were observed immediately below the SWI in
the Tc sediment (278 µg L−1), and concentrations in T5 and T20 were significantly lower
(Figure 4b). Although NO3-N porewater concentrations (CDET-NO3) were below the MDL,
it is possible to estimate minimum R-values of 0.3 and 0.1 for NO3-N in the top 1 cm of the
Tc and T5 treatments, respectively; the remaining minimum R-values are <0.02. Given the
low affinity of NO3

− for binding to solid phases [47], the higher R-value here implies that
NO3

− was being generated in the top 1 cm of the Tc treatment, with net removal elsewhere.
The mean N2O fluxes over the three consecutive 24 h periods were lowest in the Tc treat-

ment (75.61± 1.00 µg m−2 h−1). The gas fluxes from the mesocosms with Cu-spiked sediment
were significantly higher than from the unspiked control with 110.41 ± 2.77 µg m−2 h−1 and
115.89± 1.58 µg m−2 h−1 released in the T5 and T20 mesocosms, respectively (p < 0.01);
however, the difference between T5 and T20 was not significant. The addition of Cu to the
two treatments resulted in N2O emissions increasing by more than 34.6 standard deviations
compared to the control, Tc (effect size calculated using Glass’s d).

4. Discussion
4.1. Cycling of Nitrogen Species under Increasing Copper Concentrations

Low concentrations of Cu (8 mg kg−1) have been shown to inhibit denitrification and
N2O emissions directly through acute toxic effects on denitrifying microorganisms in the
short term (<1 week) [48]. However, longer-term trials have shown that the denitrifying
microbial community can adapt to the increased Cu pressure within the time scale of the
experiments discussed here [49,50]. Increasing Cu bioavailability has been more commonly
associated with increasing nitrous oxide reductase gene expression and enzyme synthesis,
thus promoting reduction of N2O to dinitrogen gas N2 [51–53]; however, the results from
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this study suggest that Cu can also affect other aspects of N cycling in sediments both
directly and indirectly.

The relatively high CDGT-NH4 concentrations immediately below the SWI in all treat-
ments are most likely driven by a combination of fast aerobic mineralisation of the sediment
organic matter, partly supported by diffusion from the overlying flow of oxygenated river
water, and biological nitrogen fixation [54]. The overall depletion of NH4

+ (c.f. R < 0.04) is
the result of the oxidation of NH4

+ to nitrite (NO2
−), and then NO3

− (i.e., nitrification),
which resupplies NO3-N in the Tc sediment together with diffusion of NO3

− from the
moving water above the SWI (c.f. R > 0.3). The Cu applied to the T5 and T20 sediments
is likely to have at least partly disrupted the former process, as evidenced by the reduced
NO3

− mobilisation near the SWI (Figure 4b) and a change in the extent to which NH4
+ is

retained in T5 and T20 (Figure 4a).
The lower rate of NO3

− production in the top 1 cm of sediment and increased N2O
fluxes in T5 and T20 may be due to one or a combination of multiple factors. Firstly, NO3

−

generation through nitrification may have been inhibited. Wang et al. [55] showed that
ammonia monooxygenase enzyme activity in river sediments decreased by ca. 25% and
59% under Cu concentrations of 50 and 100 mg kg−1, respectively, after 60 days of incu-
bation, with similar changes in amoA gene abundance (ca. 23% and 53%, respectively).
Secondly, NO3

− in the Cu-treated sediments may have been reduced by the abundant
ferrous iron, Fe(II); in these sediments, this can be catalysed by enzymes [56] and Cu2+

and iron (oxhydr)oxides [57,58]. Nitrate generation can also have been impacted indirectly
by other processes that removed NO2

−: the critical intermediate species through which
numerous processes in N cycling, including nitrification, proceed. Biologically driven
reduction of NO2

− to nitric oxide (NO) is usually associated with Cu2+ and Cu+ through
their complexes within the nitrite reductase enzyme [59]. However, the abundant Fe(II)
in the treated sediments may have also facilitated the further abiotic reduction of NO2

−

through chemodenitrification. This process has previously been observed in circumneutral
pH sediments and associated with an increased N2O:N2 ratio in gaseous N release [60–63].
Furthermore, laboratory tests have shown that some ligand–Cu complexes can catalyse the
abiotic reduction of NO2

− under environmentally relevant conditions [64]. One group of
such Cu–ligand complexes that are most obviously relevant to aquatic environments is Cu
complexed by phenolic ligands [65], which are ubiquitous in organic matter [66]: the major
binding phase for Cu in these sediments (Figure S1). However, this mode of chemodeni-
trification, which is conceivably relevant to Cu-enriched environments, has not yet been
reported outside of carefully controlled laboratory conditions using synthetic ligands.

Sustained NH4
+ concentrations in the top 3 and 5 cm of the T5 and T20 sediments,

respectively (Figure 4a), may be partly due to the aforementioned toxic effects of Cu on
nitrifying microorganisms and partly through increased dissimilatory nitrate reduction to
ammonium (DNRA). Generation of NH4

+ by DNRA also consumes NO2
− [67] and could

further explain the reduced rate of NO3
− formation in T5 and T20. The low availability of

NO3
− and high concentrations of Fe(II) have been linked to increased DNRA activity [68,69].

These factors may explain why relatively high CDGT-NH4 concentrations persist to greater
depths in T5 and T20 and also why they subsequently decrease with depth. They also
suggest that most of the N2O in the Cu-treated sediments is generated near the SWI, where
nitrification rates would be expected to generate high concentrations of NO2

−, while a net
removal of NO2

− deeper in the sediment would also reduce N2O formation.
Although dissolved oxygen profiles were not measured in this work, oxygen limitation

below 2 cm may be surmised from the low CDGT-NO3 and generally increasing dissolved
Fe concentrations with depth (Figures 2b and 3b). Anaerobic NH4

+ oxidation by NO2
−

(anammox), iron (oxyhydr)oxide minerals (feammox) and sulphate (sulfammox) can de-
plete NH4

+ under anoxic conditions, and, all other things being equal, the energy yield
from these processes decreases in the stated order [10]. The inhibition of anammox by Cu
is well-recognised in wastewater systems [70,71]. While similar effects have not yet been
shown in sediments, this could explain why the gradual depletion of CDGT-NH4 with depth
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in the Tc sediment between depths of 1–3 cm is not mirrored in T5 and T20. Below 3 cm,
the depletion of CDGT-NH4 in T5 and T20 may be explained by the other forms of NH4

+

oxidation. Feammox is thought to be driven mainly through two types of reactions, with
either N2 or NO2

− as the end product (e.g., Equations (3) and (4) [10]), and is believed to
be less sensitive to Cu [72,73].

NH4
+ + 3FeOOH + 5H+ → 0.5 N2 + 3Fe2+ + 9H2O (3)

NH4
+ + 6FeOOH + 10H+ → NO2

− + 6Fe2+ + 10H2O (4)

The consumption of H+ ions in the dissimilatory reductive dissolution of Fe(III) min-
erals to Fe(II) [74] and feammox would be expected to promote the sorption of Cu to solid
phases [75] and thus explain the low CDGT-Cu concentrations at depths between 3 and 7 cm
in the treated sediments. Direct oxidation of ammonium to N2 (Equation (3)) is thought to
be the only thermodynamically viable process under the circumneutral pH found in the
sediments discussed here [10,73]; however, evidence from scientific literature does not fully
support this. Yao et al. [76] identified the direct oxidation of NH4

+ to N2 (Equation (3))
in the presence of Fe(III) as the predominant process in slightly alkaline lake sediments
(pH 7.1–7.6). On the other hand, Huang et al. [77] reported NH4

+ oxidation and Fe(III)
reduction at pH 6.2, albeit at a reduced rate than at lower pHs, which they attributed
to the latter process (Equation (4)). Feammox to NO2

− is the only process below 3 cm
in the treated sediments that could conceivably generate substrate for N2O production,
but the balance of evidence above suggests that it was less important in the sediment
discussed here.

The oxidation of NH4
+ to N2 by sulfate (sulfammox; Equation (5)) is a relatively recent

discovery [78].

8NH4
+ + 3SO4

2− → 4N2 + 3HS2− + 12H2O + 5H+ (5)

Incubation studies on marine sediments have suggested that sulfammox may act as a
barrier to upward diffusive fluxes of NH4

+ in sediments [79,80]. The relatively low energy
yield from the process means that its role in NH4

+ oxidation is likely to be most important
when the energy yield from anammox and feammox has decreased due to progressively
greater inhibition by the Cu in T5 and then T20 and lack of substrate: NO2

− and labile iron
(oxyhydr)oxide phases at depth. The increasing role of sulfammox in NH4

+ removal may
be the reason for the concomitant decreases in CDGT-Fe, CDGT-Mn and CDGT-NH4 and the
increase in CDGT-Cu between 4 and 8 cm below the SWI in the T20 treatments. The sulfide
(S2−) that is produced in this process is well-known to remove Fe(II) from the solution by
forming pyrite (FeS2), which can, in turn, sequester Mn [81]. Moreover, while the formation
of CuS minerals with sulfide in sediments is not well understood, the combination of
reduction of Cu2+ to Cu+ by S2− and H+ ion release could conceivably mobilise Cu from
the organic matter fraction.

4.2. Iron and Manganese Mobilisation in the Mesocosms

As noted above, increased Fe mobilisation in T5 and T20 sediments is likely to have
played a key role in the cycling of N in these sediments. There is some suggestion that man-
ganese can also play a key role in the redox reactions that govern N speciation [10]; however,
most research to date has focussed on Fe. In addition to the dissimilatory reduction of iron
(oxyhydr)oxide solid phases and mobilisation of Fe(II) by feammox in the deeper layers of
the sediments, the desorption of both Fe and Mn through increased cation exchange from
solid-phase binding sites is also likely to have been important throughout the depth profiles.
The DGT samples solute through a controlled perturbation of the sediment, which results
in diffusion of solutes from porewater into the probe and subsequent desorption from
labile solid phases, while extraction using relatively strong salt solutions (1 M MgCl2 here)
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releases sorbed solute via cation exchange [45]. It follows that the latter is likely to provide a
measure of a large pool of Fe that can be desorbed and, accordingly, was not as significantly
affected by the Cu treatment here (Figure 3b). The CDGT-Fe measurement, which measures
mostly Fe(II) due to the low solubility of Fe(III) at circumneutral pH, is more sensitive to
differences in porewater concentrations and thus more likely to be representative of the
chemically labile and bioavailable Fe. On the other hand, exchangeable Mn concentrations
appeared to be affected by the Cu treatment (Figure 3c) and generally mirror the CDGT-Mn
measurements (Figure 2c), which suggests that the sorbed pool of Mn(II) is relatively small
and labile. The depletion of NO3

− in T5 and T20 may also have resulted in some reductive
dissolution of Mn near the SWI, thus increasing the solubility of the metal.

4.3. Mesocosm Experiments

The experimental approach used here was chosen to establish a system that could be
replicated and carefully controlled to test the effect of Cu contamination systematically.
However, this approach has numerous limitations that should be recognised. The extensive
disturbance of the sediment during sampling and processing before the start of the equili-
bration is likely to have disrupted many of the natural microbiological processes and redox
gradients in the sediment. Others have found that equilibration periods of three weeks are
sufficient for helping to restore steady-state gradients in sediments [82]; this is confirmed
by the extended equilibration period used in this study, while monitoring the water quality
variables and N species concentrations in the circulating water.

The rates of N2O production measured in this study were slightly above the ranges mea-
sured elsewhere. For example, Clough and Kelliher [83] reported fluxes of 3–87 µg m−2 h−1

in situ above the sediments of the Waikato River in New Zealand. This is probably because
the water flow was turned off for the duration of the N2O measurements. This was an ex-
perimental necessity but would have reduced the diffusive flux of oxygen into the sediment
and increased rates of denitrification in the sediment columns. While this is unlikely to have
affected the main aim of the experiment, the absolute fluxes should be considered more
representative of quiescent water courses in an agricultural landscape than rivers. Such
watercourses can include ponds and drains that have ephemeral flows during the summer
months and can also reach higher temperatures than perennially flowing systems [84].

Depth profile measurements using high-resolution DGT, where the mass of bound
solute is analysed through a technique that can achieve extremely high spatial resolution
(e.g., <10 µm resolution using LA-ICP-MS or colorimetry), have revealed unique details
about diagenetic processes in sediments [85]. Such methods require very thin diffusion
layers between the resin gel and the sediment to minimise lateral diffusion within the diffu-
sion layer and loss of spatial resolution [86]. The trade-off from using very thin diffusion
layers is the strong depletion of the solute concentration at the probe interface. Conse-
quently, the calculated CDGT concentrations rarely represent the local solute concentration
in the bulk sediment, and the results are often reported and discussed as fluxes rather than
concentrations. In this study, a coarser spatial resolution was seen appropriate to achieve
the objectives of this research. Although some fine details on elemental cycling at specific
parts of the sediment depth profile were undoubtedly lost, what was gained in return was
the ability to compare between replicates and quantitatively analyse how Cu affects the
dynamics of N-species at different depths in the sediment. The thicker diffusion layer also
allowed for general estimates of R-values to indicate where production or loss of solute
was occurring, which is particularly useful when considering highly dynamic species such
as NO3

− and NH4
+, whose concentrations are likely to change during the typical 24 h DGT

deployment.

5. Conclusions

The ANZECC guideline values of 65 and 270 mg kg−1 for Cu in sediments seek to
minimise potential harm posed by the metal and protect local ecosystems. However, our
results show that lower Cu concentrations can have previously unrecognised implications
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for nitrogen biogeochemistry in freshwater sediments and greenhouse gas emissions arising
from Cu contamination in New Zealand. The replicated mesocosm approach used here has
served to demonstrate the potential for such effects under well-controlled, quiescent and
flowing water conditions. The next step should now be to further validate these discoveries
in the field.
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